Introduction
Anthropogenic activities have profoundly altered the cycling of nitrogen (N) in the biosphere (Rockström et al. 2009) , contributing large amounts of bioavailable N that impact ecosystems worldwide (Vitousek et al. 1997; Canfield et al. 2010) . A major source of anthropogenic N to coastal systems is wastewater effluent (McClelland et al. 1997; Eyre and McKee 2002; Ferguson et al., 2004a; Schlacher et al. 2005) . Although wastewater N can support ecosystem productivity by providing a source of nutrients for primary producers that support higher consumers, nutrient overenrichment is a major threat to aquatic ecosystems (Cloern 2001) . Because plant growth in coastal systems is often limited by the availability of N (Costanzo et al. 2001) , nutrient over-enrichment due to wastewater inputs may lead to eutrophication (excess production of organic matter).
Decomposition of this excess organic matter leads to deoxygenation and recycling of nitrogen, which combined with the loss of key ecosystem processes such denitrification, may further stimulate excess production of organic matter (Anderson et al. 2002; Ferguson et al., 2004b; Eyre and Ferguson, 2009) . It is therefore crucial to monitor the impacts of changes in wastewater discharge on aquatic ecosystems. However, management of wastewater-affected systems often focuses simply on improving the quality, and/or reducing the quantity of wastewater inputs (Wulff et al., 2011) . Relatively few studies have assessed the recovery of ecosystems following reduction or removal of wastewater inputs (e.g. Rogers 2003; Pitt et al. 2009 ).
The rate of ecosystem recovery following reduction of wastewater input is likely to be influenced by a number of factors, including system flushing, wastewater N load, N burial and storage, and the period of time over which wastewater inputs have occurred (Eyre 2000; Cloern 2001 ; Hadwen and Arthington 2006; Eyre et al., 2016a) . Open systems such as permanently open estuaries and the open coast are flushed frequently, allowing constant dilution and distribution of wastewater effluent (e.g. Eyre and Twigg 1997; Oakes and Eyre 2015) . In contrast, intermittently closed/opened lakes/lagoons (ICOLLs) are likely to retain wastewater N for longer periods, due to their isolation from the ocean, which leads to extended water residence times and infrequent flushing (Everett et al. 2007 ).
ICOLLs are generally regarded as rare on a global scale (Haines 2008) , but they are a prevalent feature along the coastline of New South Wales (NSW), Australia (Haines 2008; Maher et al. 2011) . ICOLLs account for ~92% of all NSW estuarine waters (Williams et al. 1998 ) and 60% of all coastal waterways in southeastern Australia (Hadwen and Arthington 2006) . Although long-term changes in the contribution of wastewater N to aquatic systems have been relatively
well studied in open systems (e.g., Schlacher et al. 2001 Schlacher et al. , 2005 Waldron et al. 2001; Pitt et al. 2009 ), there is little information regarding the effects of wastewater N on ICOLLs (Davis and Koop 2006; Everett et al. 2007; Hadwen and Arthington 2006; and how they recover following the removal of wastewater inputs.
One of the most common approaches used to detect wastewater in aquatic ecosystems is the analysis of nitrogen stable isotope ratios (Cabana and Rasmussen 1996; Pitt et al. 2009 ). Due to preferential removal of the light nitrogen isotope ( 14 N) during wastewater treatment (Heaton 1986), wastewater N commonly has a distinct, 15 N-enriched, δ 15 N value that can be traced through food webs. Numerous studies have used stable isotopes to trace wastewater in aquatic systems (e.g., Costanzo et al. 2001; Wayland and Hobson 2001; Connolly et al. 2013; Oakes and Eyre 2015) , but few have investigated ecosystem recovery following wastewater reduction (Rogers 2003; Pitt et al. 2009 ). The few studies that have reported δ 15 N values following wastewater removal have assessed only relatively short-term changes and, although these studies looked at multiple biota at different trophic levels, the entire food web was not considered.
Only one study has looked at the contribution of wastewater to an entire food web within an ICOLL (Tallow Creek, northern New South Wales, Australia; .
This study showed that wastewater N discharged into the ICOLL was assimilated and distributed throughout the entire food web. Hadwen and Arthington (2006; .
Methods

Study sites
Sites for the current study were located at the Tallow Creek and Jerusalem Creek ICOLLs, in northern NSW, Australia (28° 40' 22.97" S, 153° 37' 01.01" E and 29° 14' 08.77" S, 153° 22' 30.13" E, respectively; Figure 1 ). BOM (2014a) b BOM (2014b) Jerusalem Creek has a relatively small catchment, although larger than that of Tallow Creek (Table 1) . In contrast to Tallow Creek, Jerusalem Creek is as near as possible an undisturbed, pristine, natural waterway (McAlister et al. 2000) . Its catchment is almost entirely within the Bundjalung National Park, with no identified sources of significant pollution (McAlister et al. 2000) and the creek complies with all water quality guidelines (McAlister et al. 2000; ANZECC 2000) . Jerusalem Creek therefore served as a 'control' site, providing background isotope signatures for biota.
Sampling Strategy
Samples of biota and sediment were collected from the mouth, and from the uppermost end of each At each location within the ICOLLs (i.e., mouth, WWTP, and upstream) the major primary producers were sampled as described by . Where present, this included mangrove leaves (Avicennia marina), benthic fine particulate organic matter (FPOM), and benthic coarse particulate matter (CPOM), epilithon, filamentous algae, and suspended particulate organic matter (SPOM). FPOM and CPOM were collected by passing benthic sediments from the shoreline through a series of sieves (1 cm, 500 µm, and 250 µm). Material retained on the 250 µm sieve was retained as FPOM, and material on the 500 µm sieve as CPOM. Epilithon was removed from the sediment surface using forceps and a scalpel. Filamentous algae was collected from hard surfaces (e.g., mangrove pneumatophores, rocks and vegetative debris) using a scalpel and/or toothbrush. SPOM was collected from surface water using a plankton tow net (65 µm mesh size)
hauled along a ~20 m transect at each location.
Fish (Sillago ciliata, Mugil cephalus, Ambassis marianus and Rhabdosargus sarba),
prawns (Metapenaeus bennettae), and mud crabs (Scylla serrata) were collected using a 20 m seine net (6 mm mesh) trawled over mainly sandy substrates, preferably near littoral vegetation, submerged structures, rocks, and debris. Bloodworms (Glycera spp.) and yabbies (Trypaea australiensis) living within the sediment were collected using a yabby pump. Upon capture, animals were placed in a small volume of water in individual zip-lock bags, and then placed in ice slurry for immediate euthanasia. All samples were transported to the laboratory on ice and stored frozen until processed.
Sample processing
The muscle tissue of fish and crustaceans was excised for analysis. All remaining samples, except sediments, were rinsed with distilled water to remove dirt and debris. All samples were dried in an oven (60°C, ≥ 48 h, to constant weight) then homogenised using a mortar and pestle. Subsamples of powdered material were weighed into tin capsules for analysis of δ 15 N.
Sample analysis
Samples were analysed for δ 15 N using an elemental analyser-isotope ratio mass spectrometer (Thermo Finnigan Flash Elemental Analyser 112 interfaced with a Thermo Delta V Plus IRMS via a Thermo Conflo III) (Eyre et al 2016b) . Samples of acetanilide of known isotope composition were analysed periodically within the sample run to verify isotope signatures. Reproducibility for δ 15 N was ± 0.2‰.
Isotope ratios are expressed in delta notation, with units of per mil (‰), according to the following equation:
where R sample is the ratio of heavy ( 15 N) to light ( 14 N) isotope for the sample and R standard is the ratio of heavy to light isotope in atmospheric N2.
Data analysis
An inability to capture or locate samples of each food web component across all locations prevented statistical comparison of locations within each ICOLL. However, the principal aim of this study was to determine if there were differences among three systems: Jerusalem Creek (control), Tallow Creek during wastewater input (Tallow Creek 'During'), and Tallow Creek after wastewater input ceased (Tallow Creek 'After'). For each food web component, data from all locations within each ICOLL (mouth, upstream and WWTP) were therefore combined and a one-way analysis of variance (ANOVA) was used to assess differences in δ 15 N among the three systems (control, Tallow Creek 'After', and Tallow Creek 'During'). Data for Tallow Creek 'During' were those of Arthington (2006, 2007) . The numbers of samples of each type collected from Tallow Creek 'After'
and Jerusalem Creek are shown in Table A .1. Data were checked to ensure that the assumptions of an ANOVA were met. In some instances, Levene's test indicated that variances were not homogeneous, and data were therefore transformed (log(x+1)) before analysis. Where ANOVAs revealed that there were significant differences among data sets (ɑ < 0.05), post-hoc Tukey tests showed which systems were different to one another.
To increase the power of the analysis by effectively increasing replication, food web components were further pooled into functional groups, and one-way ANOVAs and post-hoc Tukey tests were used, as described above, to determine if δ 13 C and δ 15 N values within these functional groups varied significantly among the three systems. Each functional group was comprised of food web components that were assumed to be at the same trophic level and obtain C and N via similar pathways. Functional groups were defined as: (1) 
bennettae, S. serrata, and Trypaea australiensis). An additional one-way ANOVA was used to
compare combined data for all food web components ('Overall') across the three systems. To ensure an even contribution of each food web component across all systems, the number of replicates of each sample type included in the analysis for each system was standardised by randomly selecting samples to exclude from the analysis, for systems where more replicates were collected.
Results
Comparison of isotope ratios in Tallow Creek 'During' and 'After' wastewater input
At all trophic levels, δ 15 N values for food web components in Tallow 
Comparison of isotope signatures in Tallow Creek 'After' and Jerusalem Creek
The Tallow Creek 'After' food web appeared more 15 N-enriched than the 'Jerusalem' Creek food web at all trophic levels and in all food web components, with enrichment of ~2.8 ‰ for primary sources (mean) and ~4.3‰ for consumers (Figure 2 ). In particular, FPOM, epilithon, Cyperus spp., and M.
cephalus showed substantial enrichment in δ 15 N ranging from 4.1‰ to 6.6‰ (Figure 2) . However, few of these differences were statistically significant.
Overall, the food web in Tallow Creek 'After' was not significantly 15 N-enriched compared to that in the Jerusalem Creek control. However, one-way ANOVAs indicated that S.
ciliata, and the functional groups 'Crustaceans' and 'Fringing vegetation', and 'Carnivorous fish'
were significantly 15 N-enriched in Tallow Creek 'After' relative to the Jerusalem Creek control system ( Table 2 ). All other food web components did not differ significantly between the two systems and/or were unable to be analysed statistically (Table 2 ).
Discussion
Changes in δ 15 N signatures in Tallow Creek
After 8 The intermediate δ 15 N value for sediment suggests that it is a potential long-term storage compartment for N, most likely through burial of particulate organic matter incorporating N derived from wastewater (Savage et al. 2004) . This is consistent with the inference of Pitt et al. (2009), that wastewater N was likely to be retained within sediments up to two years after reduction of wastewater inputs to the Brisbane River estuary, even though that estuary is permanently open. Retention of wastewater N would be particularly pronounced in vegetated sediments (Eyre et al., 2016a) , where plants are likely to have contributed to increased sediment deposition during wastewater input, and would have subsequently protected sediments from scouring, resuspension, and loss during flushing of the ICOLL once inputs ceased (Yang et al. 2008) . This may explain the presence of wastewater N particularly within fringing vegetation, which would utilise the sediment as a source of N.
Nitrogen uptake and removal (recovery) rates in open systems and ICOLLs
Flushing time and dilution capacity are important controls on wastewater N uptake and, ultimately, the recovery of impacted systems following wastewater reduction or removal. The apparent presence of wastewater N within Tallow Creek 8 years after wastewater discharge ceased suggests that the system had a relatively low rate of recovery from wastewater input.
The average annual recovery rate for δ 15 N values of algae and crustaceans in Tallow Creek was estimated to be 5.6% yr -1 and 4.8% yr -1 , respectively (Table 3) Creek 'After', which suggest that the sediment has retained some wastewater N. 15 N. These apparent differences in the rate of recovery of various food web components from changes in the availability of wastewater N may relate to the growth rate and turnover times of the compartments sampled, the N source of biota, and/or their mobility (Rogers 2003; Dubois et al. 2007; Deudero et al. 2009; Pitt et al. 2009 ).
Generally, primary producers and lower order consumers have rapid rates of growth and turnover and therefore respond rapidly to changes in wastewater N availability (Cabana and Rasmussen 1996) . In contrast, biota with a slower turnover rate (e.g., higher order consumers), or which acquire their N from a source with a slow turnover rate (e.g., plants obtaining N from sediment; Alongi 1996 , Pitt et al. 2009 ) can provide useful information on trophic transfers (McClelland et al. 1997 ), but provide lower temporal resolution, as they take longer to acquire new isotopic signatures (Gartner et al. 2002) . Food web components with a faster turnover rate will reflect more recent levels of wastewater N within the Tallow Creek system. However, given that δ 15 N values within Tallow Creek appear to have changed very slowly over the 8 years since wastewater input ceased, there is little scope to detect differences in δ 15 N among taxa due to variations in N turnover. During the days, weeks, and months that tissue turnover is likely to have taken for the sampled biota (e.g., Hesslein et al. 1993; Tieszen et al. 1983) , there would probably have been little change in δ 15 N of available sources, resulting in little difference in δ 15 N values among the sampled biota due to turnover rates at any point in time.
The N source of sampled biota and/or their mobility are more likely explanations for the observed differences in δ 15 N recovery rate. As aforementioned, longer-term storage of wastewater N is probably attributable to burial within sediments (Savage et al. 2004 ). This appears to be reflected in the persistent enrichment of fringing vegetation (Table 2) . It is also possible that wastewater N was retained within plant tissues with a slow turnover rate, but is seems unlikely that this would have contributed substantially to the relatively new leaf material that was analysed. The enriched δ 15 N value of some mobile fish, despite the opening of the ICOLL, suggests that these individuals were long-term residents, or that the turnover time of tissues within the sampled fish, combined with the quantity of remaining wastewater N, was sufficient to elicit a change in δ 15 N value over a relatively short time period. Most fish sampled were estimated to be < 1 year old, based on total lengths of <10 cm for all R. sarba, and all but one S. ciliata, and <15 cm for all but one M. cephalus (Chubb et al. 1981; Ochwada-Doyle et al. 2014; Radebe et al. 2002) .
The fast growth rate and the formation of new tissues in these relatively young fish would allow rapid changes in δ 15 N (Hesslein et al 1993) . 
Conclusions
Although δ 15 N values of Tallow Creek biota demonstrated that the system has begun to recover from the impacts of wastewater input, the rate of recovery was far slower than has been observed in more open systems, owing to the limited flushing of the ICOLL. There is currently little available literature on recovery of ICOLLs following anthropogenic impact, but this study shows that the unique hydrology of these systems makes them potentially more susceptible to impacts such as nutrient enrichment, as they have reduced capacity for removing these inputs
relative to more open estuaries. 
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